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Editor: D. BarceloWehave investigated bioaccumulation and trophic transfer of bothmercury (Hg) and selenium (Se) in two lakes
in southern Norway to reveal a suggested mitigating effect of Se on Hg biota accumulation. The study included
analysis of total Se (Se), total Hg (Hg), and methyl-mercury (MeHg) in water, littoral and pelagic invertebrates
and perch (Perca ﬂuviatilis), together with stable isotope analysis (δ15N and δ13C) in biota. Mean dissolved Se
ranged from 22 to 59 ng L−1, while Hg and MeHg in lake water ranged from 1 to 3 ng L−1 and 0.01 to
0.06 ng L−1. Biota Se and Hg concentrations (dry weight) ranged from 0.41 mg Se kg−1 and 0.06 mg Hg kg−1
in primary littoral invertebrates and up to 2.9 mg Se kg−1 and 3.6 mg Hg kg−1 in perch. Both Hg and Se
biomagniﬁed in the foodweb,with a trophicmagniﬁcation factor (TMF) of 4.64 for Hg and 1.29 for Se. The report-
ed positive transfer of Se in the foodweb, despite the lowmeasured dissolved Se, suggest that amajor proportion
of the Se in these lakes are both highly bioavailable and bioaccumulative. However, we did not ﬁnd support for a
Se-facilitated inhibition in the accumulation of Hg in perch, as Se and Hg concentrations in perch muscle corre-
lated positively and Se did not explain any variations in Hg after we controlled for the effects of other important
covariates. We postulate that this may be a result of insufﬁcient concentrations of dissolved Se and subsequently
in biota in our studied lakes for an efﬁcient Hg sequestration up the food web.
© 2016 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).Keywords:
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Mercury (Hg), which is naturally occurring at low concentrations in
remote boreal lakes, can be elevated as a result of mainly long-range
transported atmospheric depositions (Fitzgerald et al., 1998; Berg et
al., 2006; UNEP, 2013). This has led to elevated Hg concentrations in
ﬁsh in areas of Norway receiving high atmospheric depositions of Hg
(Fjeld and Rognerud, 1993). Concentration above the EU's and the Nor-
wegian recommended upper consumption limit of 0.5 ppm Hg wet
weight (EC, 2006) has been reported in piscivore ﬁshes from several
Norwegian lakes (Rognerud and Fjeld, 2002; Fjeld and Rognerud,
2009; Fjeld et al., 2010). The reported increase of Hg in freshwater ﬁsh
(Fjeld and Rognerud, 2009; Fjeld et al., 2010), despite recent declines
in Hg depositions in Scandinavia during the last years (Wängberg et
al., 2010) is somewhat unexpected, and the mechanisms behind this
still remain unresolved. Besides the apparent inﬂuence by Hg deposi-
tion rates, high concentrations of Hg in biota is a result of the
biomagniﬁcation potential of methyl-Hg+ (MeHg) through the food
web, and thus a major problem for aquatic top predators (Watras and
Bloom, 1992; Wolfe et al., 1998; Boening, 2000). Hg methylators such
as sulfate and iron-reducing bacteria play a key role for the levels of
Hg in biota (Benoit et al., 2001; Kerin et al., 2006; Parks et al., 2013).
These organisms are primarily present in aquatic redox gradient envi-
ronments, as typically found in the thermocline layer of TOC (total or-
ganic carbon) rich lakes, in uppermost lake sediment areas, and at
various depths in bogs and soils. MeHg can be photolytically
decomposed by solar radiation in surface waters of lakes (Sellers et al.,
1996; Lehnherr and St. Louis, 2009), converting MeHg to Hg2+ and
Hg0. These demethylation/reduction processes are dependent on light
absorption, where the concentration of TOC often is themost important
contributing factor to light absorption. Due to the slow elimination rate
of Hg in ﬁsh, the concentration may increase with its age or size, and
may rise in ﬁsh populations experiencing a reduction in individual
growth rates (Simoneau et al., 2005; Lavigne et al., 2010; Lucotte et
al., 2016). Thus, despite reduced inputs of total Hg (Hg) to ecosystems,
Hg concentrationmay verywell increase in biota, due to changes in bio-
geochemical conditions in lakes and factors related to ﬁsh production.
Selenium (Se), unlike Hg, is an essential nutrient that has important
biological functions involved in antioxidant defense, immune re-
sponses, thyroid function and muscle metabolism (Ralston et al.,
2008). In parts of theworld with naturally high Se levels and/or anthro-
pogenic contamination, uptake through water or food in aquatic organ-
isms can lead to accumulated concentrations at the top of the food chain
that can be toxic (Hamilton, 2004). The chemistry of Se resembles that
of sulfur (S), because of its proximity to it within the group V1-A of
the periodic table. Se, like S, can exist in four different oxidation states:
selenide [Se(− II)], elemental Se [Se(0)], selenite [Se(IV)] and selenate
[Se(VI)]. Thus, the biogeochemistry of Hg in natural water is strongly
linked to the biogeochemistry of both Se and S, especially under low
redox potentials (Eh≈ 0 to−150 mV) as selenite, SeO32−, is being re-
duced to selenide, Se2−, and sulfate, SO42−, is being reduced to sulﬁde,
S2− under relatively similar Eh conditions (Masscheleyn and Patrick,
1993). Both selenide and sulﬁde form almost insoluble complexes
with Hg, HgS (Ksp = 1.6 × 10−54, Kofstad, 1979) and HgSe (Ksp =
4.5 × 10−61, OECD, 2005). During microbial assimilation, oxidized Se
species are reduced to various organically bound Se(− II) compounds
(Masscheleyn and Patrick, 1993). Organic forms of Se are analogous to
those of S and include seleno-amino acids (e.g. selenocysteine and
selenomethionine). Due to the strong afﬁnity of Hg2+ to sulﬁde (S2−
and HS− groups), the toxicity of Hg has been linked to the capacity to
bind to sulﬁde groups in amino acids in enzymatic proteins (cysteine
and methionine), and thus disrupting their normal function (Porcella,
1994; Pelletier, 1995). The toxicity of Hg has also been attributed to
the very strong afﬁnity of Hg2+ or MeHg+ to Se2−, where intracellular
formation of Hg-selenides disrupt the synthesis of selenocysteine, an es-
sential amino acid in selenoproteins/selenoenzymes (Ralston et al.,2007; Ralston and Raymond, 2010). According to this, the toxic mecha-
nisms of Hg are strongly related to organisms' Se concentrations, with
an increased potential for toxic effects when Hg concentrations are in
molar excess of Se, i.e. Se:Hg b1 (Ralston et al., 2007; Peterson et al.,
2009; Sørmo et al., 2011; Mulder et al., 2012).
Stable isotope analyses of carbon and nitrogen (δ13C and δ15N) are
frequently used in biomagniﬁcation studies of toxicants (as Hg) in
aquatic food webs (Cabana and Rasmussen, 1994; Atwell et al., 1998).
While δ15N levels in aquatic organismsmay give a good estimate of tro-
phic level (TL), their δ13C-signatures may be a useful diet indicator, as
organic matter produced in littoral, pelagic, and terrestrial sources
have different δ13C signatures (DeNiro and Epstein, 1978; France,
1995a;Vander Zanden andRasmussen, 1999; Post, 2002).While several
studies have reported positive correlations between Hg concentration
and δ15N in ﬁsh, and thus an apparent potential for biomagniﬁcation
(Cabana and Rasmussen, 1994; Atwell et al., 1998; Power et al., 2002)
there are conﬂicting ﬁndings regarding the biomagniﬁcation potential
of Se in aquatic food chains (Simmons and Wallschläger, 2005; Orr et
al., 2006; Ikemoto et al., 2008; Jones et al., 2014;Ouédraogo et al., 2015).
Several studies points toward a Se-mediated reduction of Hg assimila-
tion in aquatic biota, as increased water and organism total Se concentra-
tions are inversely correlated to organism Hg levels (Chen et al., 2001;
Belzile et al., 2006; Yang et al., 2010). Belzile et al. (2006) reported inverse
trends between Hg and MeHg in biota (ﬁsh and invertebrates) and Se
concentrations of lake waters in the Sudbury area, Canada. Laboratory
studies by Bjerregaard et al. (2011) also showed that the form of Se inﬂu-
enced the retention and elimination of MeHg in ﬁsh. However, in areas
with low natural Se levels, as in large areas of Scandinavia after the last
ice age (e.g. Wu and Låg, 1988), these mechanisms may play a minor
role. Nevertheless, Fjeld andRognerud (1993) reported that Se concentra-
tions in terrestrial mosses in catchment areas, reﬂecting atmospheric de-
position, appeared to inﬂuence Hg variations in brown trout Salmo trutta
negatively in 25 lakes throughout Norway. The authors suggested that a
reduced bioavailability of Hg could be due either to a formation of nearly
insoluble HgSe and thus lowered fraction of Hg available for methylation
(Björnberg et al., 1988), or possibly less efﬁcient uptake of Hg because of
elevated Se in food (Turner and Swick, 1983).
We have investigated Hg and Se from lake water concentrations to
top predator levels, in two lakes in southeastern Norway. The study in-
cludes Se, Hg, MeHg and stable isotope analyses in zooplankton, benthic
organisms, and ﬁsh, i.e. European perch (Perca ﬂuviatilis) together with
water chemistry. Stomach content analyses of ﬁsh were included to
compare their “snapshot”dietwith themore long lastingdiet signatures
obtained by their stable isotope signatures (DeNiro and Epstein, 1981;
Power et al., 2002). As trophic level (TL), size and age in ﬁsh are report-
ed to inﬂuence their Hg concentrations (Wiener and Spry, 1996;
Gilmour and Riedel, 2000; Trudel and Rasmussen, 2006), these were
natural candidates to include as potential endogenous explanatory var-
iables for variations of Hg in perch. While there are inconclusive ﬁnd-
ings regarding the effects of age, size (Belzile et al., 2009; Burger et al.,
2013; Ouéadraogo et al., 2015) and TL (Orr et al., 2006; Ikemoto et al.,
2008; Jones et al., 2014; Ouédraogo et al., 2015) on ﬁsh Se concentra-
tions, we also wanted to test whether these variables could inﬂuence
perch Se concentrations. In addition, carbon source, i.e. δ13C signatures,
was included to investigate spatial uptake pathways of both Hg and Se.
Themain intentionwith this studywas to explore the relationship be-
tween Hg and Se in water and biota in Scandinavian boreal lakes with
special emphasis on trophic transfer of both elements,with the aimof dis-
cerning possible mitigation effects of Se on Hg bioaccumulation.
2. Methods
2.1. Site description
The two studied lakes, Lake Norsjø (59°12′N, 9°32′E) and Lake
Norheim (59°21′N, 9°5′E) are located in the lower parts of the Skien
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ed 17 m a.s.l., is a large (area: 55.24 km2, volume: 5.1 km3, residence
time ≈ 223 days) and deep (max depth: 171 m, mean depth 87 m)
lake with a large catchment area, i.e. 10,378 km2 (Tjomsland et al.,
1983). Three main rivers enters into the lake, the River Bø and River
Saua in the north, and the River Eid in the west. All draining extensive
mountains areas north of the lake. Lake Norheim, located 77 m a.s.l., is
a much smaller (area: 0.4 km2, volume: 0.007 km3) and shallower
(max deep: 32 m) lake with a catchment area of 89 km2. The lake is di-
vided into two parts that have restricted connection in periodswith low
water levels. The residence time in the upper part is ≈15 days. The
studied sites, Lake Norsjø N (north) and Lake Norheim are close to in-
lets, while the southern site in Lake Norsjø, Lake Norsjø S, is adjacent
to the outlet. In Lake Norsjø, sites at opposite ends in a north-south di-
rection were investigated in order to disclose possible variations in
water chemistry and biota concentrations of Hg and Se within this
large Lake (55.24 km2).
The overall catchment area consists mainly of granitic gneisses
and quartz and postglacial tills with marine sediments in the bot-
tom-most areas. Forests (32%) and mountain areas (60%) predomi-
nate. Other area (i.e. lakes, waterways, wetlands and urban areas)
cover 6%, while 2% of the catchment area is farmed (Skarbøvik et
al., 2010). Due to slowly weatherable rocks, thin and often patchy
soil cover, and relative high amounts of precipitation, most of the
surface waters within the area have low ionic strength with subse-
quent low pH (5.0–6.5) and acid neutralizing capacity (Rognerud et
al., 1979).Fig. 1.Map of the study area with the three studied sites, Lake Norheim, an2.2. Sampling of water and biota
Water samples were collected with a Limnos sampler and trans-
ferred to prewashed 1000 mL polyethylene bottles. The samples were
taken at six depths, in Lake Norheim within the depth interval 1–
25 m, in northern Lake Norsjø (Norsjø N) within 1–30 m, and within
1–35 m in southern Lake Norsjø (Norsjø S). At three of the depths
water samples for total mercury (Hg) and methyl mercury (MeHg) de-
terminationwere collected on 250mLﬂuorinated polypropylene (FLPE)
bottles, covered by double plastic zipper bags. The bottles were previ-
ously unused and pre-tested for traces of Hg (quality tested by Brooks
Rand Labs, mean Hg concentrations = 0.02 ng L−1). Hg and MeHg
were sampled in individual bottles to avoid errors caused by loss of
Hg during preservation (Parker and Bloom, 2005; Braaten et al., 2013).
The MeHg bottles contained 1 mL of concentrated HCl (trace level
grade) to yield a 0.4% solution. All Hg samples were oxidized with bro-
mine monochloride (BrCl) within 24 h after sampling. Water tempera-
ture was measured on every meter through the water column interval
described above, and Secchi depth determined.
30 perch from each site were collected by gillnets, varying in mesh
size from 5 to 52 mm. All ﬁsh were stored in a cooling room (4 °C) im-
mediately after return to the laboratory, and processedwithin two days.
Benthos were collected with hand-held dip nets, near ﬁshing sites,
while zooplankton was collected by net hauling at two depths (1 and
8 m) using Wisconsin seine nets of 100 and 150 μmmesh. All inverte-
brates were kept alive in depurated water and stored cold (4 °C) for ap-
proximately 48 h before divided in groups and transferred to plasticd the northern (Norsjø N) and southern (Norsjø S) part of Lake Norsjø.
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collected, in July 2013.2.3. Sample preparation and analysis
Main water chemistry was analyzed at our laboratory at the Univer-
sity College of Southeast Norway, according to standard water chemical
procedures (Lydersen et al., 2014), while Hg and MeHg in water sam-
ples were analyzed at the Norwegian Institute of Water Research,
based on US EPA Method 1631 (USEPA, 2002) and US EPA Method
1630 (USEPA, 1998), respectively. Due to low concentrations of particu-
late matter, all samples were analyzed unﬁltered. For every batch of Hg
analysis in thewater (n=24 individual samples), quality assurance and
quality control measure included method blanks (n = 5), blank spikes
(n = 5), sample duplicates (n = 3) and matrix spikes (n = 3). The
method detection limit (MDL) is 0.02 ng L−1 and 0.1 ng L−1 (3 standard
deviations of method blanks) for MeHg and Hg, respectively. Both anal-
yses were conducted at the Norwegian Institute of Water Research
(NIVA). Se in lake water from the same depths as the Hg samples
above, were analyzed by High Resolution Inductive Coupled Plasma
Mass Spectrometry (HR-ICP-MS) at the Norwegian University of Sci-
ence and Technology (NTNU). Samples were preserved with 0.1 M
HNO3 and analyzed directly without any further dilution. Instrument
detection limit 25% (IDL-25% ) for Se was 0.05 μg/L.
Weight, total length and age (primarily based on otoliths) were de-
termined for all ﬁsh. Age determination was conducted on burnt and
transversally sectioned otoliths under a light microscope. Operculum
was only used as a supplementary support for age determination. Fish
samples were taken from the mid dorsal muscle with a stainless steel
knife cleaned with ethanol between each sampling. Each sample was
frozen (−18 °C) in separate 25 mL plastic vials.
The stomach content from all 90 perch were investigated under a
light microscope, taxa identiﬁed and assigned to prey categories of
littoral primary consumers (e.g. Ephemeroptera nymphs, chironomid
larvae, Lymnaeidae spp., Corixiade spp., small Trichoptera larvae,
Amphipoda and Isopoda) and secondary littoral consumers (predatory
littoral invertebrates, e.g. large Trichoptera larvae, Odonata larvae and
Megaloptera larvae), zooplankton and ﬁsh. For each perch, percent vol-
ume of identiﬁed taxa was visually estimated and average percent vol-
ume contribution of prey categories calculated for perch, above and
below 200 mm in length. Stomachs with N50% unidentiﬁed content
were excluded.
Littoral macroinvertebrates were pooled into samples of assumed
similar trophic position prior to chemical analysis. Despite variation in
species composition among sites, we assessed them as being represen-
tative for primary and secondary consumers in the lakes. In addition,
two predatory insect species in Lake Norsjø (Notonecta lutea, Notonecta
glauca), and one predatory insect species (Phryganea grandis) and two
small ephemeropterans (Baetis spp. and Clöen dipterum) in Lake
Norheim were plentiful in the dip net samples. Accordingly, the chemi-
cal analyseswere performedonbulk samples of each species/group. Un-
fortunately, we did not have enoughmaterial to perform analyses of Hg/
MeHg and Se in samples of small ephemeropterans and trichopterans
(assumed primary consumers) from Lake Norsjø. Chemical analyses of
pelagic zooplankton rely on bulk samples at the two depths (1 and
8 m), where taxa were identiﬁed to species or higher, and percent vol-
ume contribution of assumed primary and secondary consumers calcu-
lated. A simpliﬁcation was made when assigning copepods to the group
of secondary consumers, while one of the most common species in our
samples, Cyclops scutifer, has been found to be highly omnivorouswith a
diet potentially consisting of algae, detritus, rotifers or copepod nauplii
(Vardapetyn, 1972; Kling et al., 1992; Kling, 1994).
All biological samples (ﬁsh and invertebrates) were freeze-dried in a
Lyolab 3000 for approximately 15 h before being ground to powder
with a mortar and pestle.Se and Hg in biota were measured by HR-ICP-MS at NTNU. Samples
(ca. 350 mg dry weight DW) together with 6 mL HNO3 and distilled
water (Milli-Q H2O) were added to acid washed Teﬂon tubes, and
decomposed by using UltraClave, a high pressure microwave system
(Milestone, Shelton, CT, USA), for N1 h at 245 °C and at a pressure of
160 bar. After digestion, the samples were diluted with 60 mL ion ex-
changedMQ-water with a ﬁnal concentration at 0.6MHNO3. Following
the same procedure as above, six samples of certiﬁed referencematerial
(DORM-3 and DOLT-3) and three blanks were analyzed together with
the samples to control for measurement uncertainty and contamina-
tion. IDL-25% for Hg was 0.001 μg L−1 and for Se 0.05 μg L−1.
MeHg in biota was analyzed at NIVA based on the USEPA method
1630 for determiningMeHg inwater by distillation, aqueous ethylation,
purge and trap. Samples (10.3–26.8 mg) were weighed out, placed into
10 mL 30% nitric acid and heated at 60 °C overnight (15 h). Before anal-
ysis, the extraction solutions were supplemented with 10 mL deionized
water for a ﬁnal volume of 20 mL per sample. 0.050mL extraction solu-
tion were neutralized with 0.050 mL 15% KOH and ethylated, before
purge/trap and gas chromatography-cold vapor atomic ﬂuorescence
spectrometry (GC-CVAFS) analysis and detection. The following quality
parameters were added to each run of sample extraction containing
n = 16 samples: method blanks (n = 3), certiﬁed reference (DORM-3
(n = 1) TORT-2 (n = 1)), sample parallels (n = 2) and spikes (n =
2). Analysis of a 1 ml aliquot set the MDL to 0.1 μg kg−1.
Stable isotope analyses of nitrogen (N) and carbon (C) in ﬁsh
were conducted on dorsal muscle tissue samples (perch) and on
whole body samples of zooplankton and littoral invertebrates. Ap-
proximately 1 mg of dried material was transferred into 9 × 15 mm
tin capsules and analyzed at the Norwegian Institute for Energy
Technology (IFE). All isotope values refer to primary standards. For
C the reference standard was marine carbonate, Pee Dee Belemnite,
PDB (Craig, 1953) while atmospheric N was the reference standard
for N (Mariotti, 1983). The relationships between stable isotopes of
C and N (δ13C= 13C/12C and δ15N= 15N/14N) are calculated as‰ de-
viation from standard material and expressed by the following equa-
tion:
δ15N or δ13C ¼ R sample
R standard
−1
 
 1000 ð1Þ
where R represents the ratio between the heavy and light isotope, i.e.
13C/12C or 15N/14N.
2.4. Data treatment and statistical analysis
We tested for differences in mean concentrations of selected water
chemical variables between sites by analysis of variance (ANOVA) or
Welch F tests (unequal group variance). When signiﬁcant differences
within the group of sites were found, we used post hoc Tukey tests or
unequal variance two sample t-tests to test for differences between
pair of sites. In caseswhere all samples for a speciﬁcwater chemical var-
iable from a sitewere belowMDL, these siteswere excluded from statis-
tical analysis.
To reveal growth differences among sites (Length at Log age)we for-
mulated an analysis of covariance (ANCOVA) with interaction (Log
age ∗ Site). The relation between feeding habitat and perch sizewere in-
vestigated by correlations (Pearson's) between δ13C (proxy for habitat)
andﬁsh length. Linear regressions of Se andHgon potential explanatory
variables were performed, as well as increases of percentage MeHg of
Hg on trophic level (TL).
The relative TL of each samplewas calculated from δ15N using an en-
richment factor ΔN of 3.4‰ per trophic level (Minagawa and Wada,
1984; Post, 2002). The lowest littoral invertebrate δ15N was deﬁned as
the baseline primary consumer of trophic level 2 (δ15N primary
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TLconsumer ¼ δ15Nconsumer−δ15Nprimary consumer
 
=ΔN
 
þ 2 ð2Þ
To calculate the δ15N baseline, the lowest δ15N of the sampled littoral
invertebrates were used, i.e. the gastropod Lymnaea peregra for Lake
Norsjø, and a pooled sample of L. peregra and Planorbidae spp. for Lake
Norheim. These gastropods are assumed primary consumers (trophic
level 2) and representative of the littoral zone as they mainly feed on
periphytic algae and decaying plant material in shallow areas of the
lake (Malek, 1958; Calow, 1970; Liang, 1974). In addition, they are rel-
atively long-lived organisms (≥1 year lifespan) and accordingly less
prone to temporal variability in their δ15N signatures compared to
smaller, shorter lived organisms such as zooplankton. Thus, they cap-
ture a relatively long-term isotopic signature of their respective habitat
(Cabana and Rasmussen, 1996).
The trophic magniﬁcation factors (TMF's) of Hg and Se, i.e. average
increase per trophic level, were estimated by regressions of log-trans-
formed concentrations (C) on the organism's trophic levels (TL), assum-
ing the concentrations increased exponentially (Borgå et al., 2011):
C ¼ a  10bTL ð3Þ
log10C ¼ log10 aþ b  TL ð4Þ
TMF ¼ 10b ð5Þ
We checked for differences in TMFs between sites by formulating an
ANCOVA, allowing for interactions between site and TL. All ﬁsh, benthic
organisms and zooplanktonwere included in the calculation of the TMF,
which allowed for measured δ15N values ranging≈3 trophic levels and
thus in compliance with recommendations in estimates of contaminant
biomagniﬁcation (Borgå et al., 2011). Additionally, we calculated the
ratio between wet weight concentrations in biota and measured water
concentrations of Se, Hg and MeHg for organisms at the lower trophic
levels. Assuming a steady state between abiotic and biotic compart-
ments, this should correspond to combined uptake through water and
diet.
To sort out the effects trophic levels, food-web carbon source, size,
and age had onmercury and selenium accumulation in ﬁsh, we ﬁrst ex-
amined the correlations and scatter plotmatrices between the variables,
checking their distributions and making the necessary transformations
in order to improve normality, stabilize variance and remove inﬂuence
from statistical outliers.Table 1
Concentrations and relationships between selected water chemical variables (mean ± SD) in t
from 2012a.
Speciﬁcation Unit Mean va
Lake Nor
Se ng L−1 23.3 ±
Hg ng L−1 1.7 ±
MeHg ng L−1 0.02 ±
MeHg - to - Hg ratio % 1.5 ±
Hg - to - TOC ratio ng mg−1 0.40 ±
MeHg - to - TOC ratio ng mg−1 0.006 ±
pH 6.6 ±
Alkalinity μmol L−1 110 ± 3
Color mg Pt L−1 30.0 ±
TOC mg C L−1 3.9 ±
Total-P μg P L−1 6.9 ±
Total-N μg N L−1 290 ±
a Due to technical errors during analysis.
b b equals below MDL, but values are used in calculations of ratios.We then explored the multivariate relationship between the vari-
ables by a principal component analysis (PCA) and identiﬁed candidates
for explanatory variables.
Based on the results from the explorative data analysis,we formulat-
ed general linearmodels with Hg and Se as dependent variables, and TL,
δ13C, ﬁsh age (log-transformed), and site (nominal variable) as inde-
pendent variables, and allowed for interactions between site and age.
We reduced the full models stepwise until we were left with models
containing only signiﬁcant effects, and for every step Akaike informa-
tion criterion (AIC)were checked for indication of an improved solution.
The statistical analyseswere done by JMP v. 11 (SAS Institute, 2015).3. Results
3.1. Water chemistry
Both lakes are relatively dilute, weakly acidic (pH: 6.3–6.6) lakes.
Lake Norheim is somewhat more acidic andmore inﬂuenced by organic
matter (TOC) and nutrients (Tot-P and Tot-N) than Lake Norsjø
(Table 1). The Secchi depthwas 3m in LakeNorheim, 4m in LakeNorsjø
N and 6 m in Lake Norsjø S (primo July). Despite somewhat lower pH
and alkalinity in Lake Norheim, the water chemical conditions in both
lakes indicate favorable conditions for a broad range of aquatic
organisms.
The mean TOC concentration in Lake Norheim (7.0 mg C L−1) was
signiﬁcantly higher compared to both Lake Norsjø N (3.9 mg C L−1,
p b 0.001) and Lake Norsjø S (2.9 mg C L−1, p b 0.001), and TOC in
Lake Norsjø N was signiﬁcantly higher than in Lake Norsjø S (p =
0.02). Likewise, mean color (mg Pt L−1) was signiﬁcantly higher in
Lake Norheim (55.2 mg L−1) compared to Lake Norsjø N
(30 mg Pt L−1, p b 0.001) and Lake Norsjø S (19.7 mg Pt L−1,
p b 0.0001), with a signiﬁcantly higher color in Lake Norsjø N compared
to Lake Norsjø S (p = 0.02).
Dissolved Se concentrations (ng L−1) differed signiﬁcantly among
sites (p = 0.008). The mean Se concentration in Lake Norheim
(59.5 ng L−1) was signiﬁcantly higher (p b 0.05) than in both Lake
Norsjø N (23.3 ng L−1) and Lake Norsjø S (22.0 ng L−1), with no signif-
icant differences between the two LakeNorsjø sites (p N 0.05). Similarly,
the mean lake water Hg concentration in Lake Norheim (3 ng L−1) was
signiﬁcantly higher compared to both Lake Norsjø N (1.7 ng L−1, p =
0.001) and Lake Norsjø S (1 ng L−1, p b 0.05), and mean Hg was signif-
icantly higher in LakeNorsjø N compared to in LakeNorsjø S (p=0.03).
As MeHg was below MDL (MeHg b 0.01 ng L−1) in Lake Norsjø S, this
site was not compared statistically with the two other sites. There was
no signiﬁcant difference (p = 0.2) between mean concentrations of
MeHg in Lake Norheim (0.06 ng L−1) and Lake Norsjø N (0.02 ng L−1).he investigated lakes (sites). All data are from July 2013, except for Total P values that are
lue ± SD
sjø N Lake Norsjø S Lake Norheim
6.2 22.0 ± 5.5 59.5 ± 16.7
0.4 1.0 ± 0.1 3.0 ± 0.4
0.003 0.01b 0.06 ± 0.03
0.4 1 ± 0.1 2.2 ± 1.6
0.04 0.34 ± 0.02 0.45 ± 0.07
0.002 0.003 ± 0.0004 0.008 ± 0.002
0.1 6.8 ± 0.05 6.3 ± 0.2
112 ± 2 97 ± 10
7.5 19.7 ± 1.5 55.2 ± 5.1
0.7 2.9 ± 0.2 7.0 ± 0.5
0.1 6.9 ± 0.7 9.5 ± 1.2
40 231 ± 13 377 ± 28
Fig. 2.Relationships betweenmeasured δ13C and δ15N‰ in two length groups (b and N200mm)of perch (mean± S.D.), in pooled groups of benthic invertebrates and zooplankton and in
some speciﬁc invertebrate species from the three investigated sites.
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The δ13C signatures in the lake biota (Fig. 2) indicate diet variations
from pelagic derived organic carbon (the most depleted δ13C signa-
tures) to almost homogenous littoral derived carbon with about 13‰
higher (less depleted) δ13C signatures in both Lake Norheim and Lake
Norsjø S.
Except for the pooled pulmonid samples (L. peregra/Planorbidae
spp.), Lake Norheim had a more depleted δ13C signatures in biota
compared with the two Lake Norsjø sites. The increase in δ15N‰ cor-
responds to an increase in trophic level, with approximately one tro-
phic level from secondary littoral consumers (e.g. Zygoptera/
Trichoptera/Anisoptera) to perch (Supporting information, S1).
There were no signiﬁcant correlations between δ13C and length in
perch from any of the three sites when tested separately (Pearson
moment, p N 0.05), indicating minor variation in feeding habitat re-
lated to perch size.Fig. 3. Growth curves for perch at the three investigated sites (left) and the prediction3.3. Perch morphometry and diet
The captured perch in Lake Norsjø N varied in length from 81 to
320 mmwith an average length of 187 ± 67 mm, while weight varied
from 4 and 454 g with an average of 115 ± 114 g. The age varied from
1 to 5 years (2.6±1.3 years). In LakeNorsjø S the captured perch varied
from 90 to 320 mm in length (216 ± 69 mm) and from 6 to 449 g in
weight (160 ± 127 g), and in age from 1 to 6 years (3.4 ± 1.8 years).
The perch from Lake Norheim varied from 93 to 252 mm in length
(180 ± 42 mm) and from 8 to 172 g in weight (68 ± 45 g), while the
age varied from 1 to 8 years (4.2 ± 2.1).
The growth rate of perch from Lake Norsjø was signiﬁcantly higher
than for those from Lake Norheim, as shown by an ANCOVA of length
– age relationship for the three sites (Fig. 3) (test for different slopes:
Log Age ∗ Site, F(2,84) = 17.3, p b 0.001).
The stomach content consisted of littoral invertebrates, both prima-
ry consumers (Ephemeroptera nymphs, chironomid larvae, Lymnaeidaeformula from an ANCOVA of length – age relationship for the three sites (right).
Fig. 4. Average percent volume of different prey categories (legend, text) in stomach content of perch below and above 200 mm from the three investigated sites.
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and secondary consumers (Zygoptera, Megaloptera, large Trichoptera
larvae, Dystiscidae spp., and nematodes), and ﬁsh (Fig. 4). Fish remains
were not always possible to identify to species, but European perch (P.
ﬂuviatilis), European brook lamprey (Lampetra planeri), three-spine
stickleback (Gasterosteus aculeatus), nine-spine stickleback (Pungitius
pungitius) and European smelt (Osmerus eperlanus) were identiﬁed.
The amounts of pelagic invertebrates (zooplankton) was rather low in
perch from Lake Norsjø,≈2% in perch from Lake Norsjø N, and absent
in perch from Lake Norsjø S. In Lake Norheim, zooplankton made up
an average of 8 and 11% of the stomach content in perch below and
above 200mm in length, respectively. The results from the dietary anal-
ysis suggest a higher inclusion of ﬁsh in diets of perch above 200mm in
Lake Norsjø, while in Lake Norheim this was less prominent.
3.4. Accumulation and trophic transfer of mercury and selenium in biota
At all three sites there was an increase in Hg from littoral inverte-
brates and pelagic zooplankton, to perch (S1). Overall, the biota had
higher concentrations of Hg in Lake Norheim compared to both sites
in LakeNorsjø. Adjustedmeans of Hg (dw) in perch differed signiﬁcant-
ly among sites after correcting for variations in length and TL (p b 0.05),
with the highest mean in perch from Lake Norheim (1.68 mg kg−1),Fig. 5.Exponential regressions ofHg (bottom left) and Se (bottom right) concentrations in the fo
ANCOVAs. The prediction formulas and estimated TMF's (with 95% CI) are shown above the cufollowed by Lake Norsjø N (0.65 mg kg−1) and Lake Norsjø S
(0.46 mg kg−1) (S4).
MeHg (%) of Hg increased signiﬁcantly with TL in Lake Norheim
(p b 0.05) from 26% in zooplankton (mainly Bosmina spp.) to 86% in the
pooled sample of Trichoptera larvae (Phryganea grandis) and Zygoptera
spp. as well as in one-year old perch (S1). In Lake Norsjø S, MeHg was
higher in one-year old perch (93%) compared to any littoral or pelagic in-
vertebrates (44–71%), however the increase in the latter group was not
consistent with TL, thus the increase of MeHg (%) with TL was not signiﬁ-
cant (p=0.12). The samples of primary and secondary consumers in Lake
Norsjø N could not be included in the analysis due to an analytical error.
As with Hg, overall the biota in Lake Norheim had higher concentra-
tions of Se (S1), andwhen adjusting for length and TL in perch, Se concen-
trations (dw) varied signiﬁcantly among sites (p b 0.05), with the highest
mean in perch from Lake Norheim (1.69 mg kg−1), followed by Lake
Norsjø N (1.12 mg kg−1) and Lake Norsjø S (0.89 mg kg−1) (S5).
The trophic magniﬁcation (TMF) of Hg and Se in the food webs at
the three sites were analyzed by ANCOVAs. No signiﬁcant interac-
tions between trophic level (TL) and sites were found, hence we cal-
culated a common TMF for all three sites combined for Hg and Se
respectively. The TMF of Hg (4.64) was higher than that of Se
(1.29), indicating a higher biomagniﬁcation potential of Hg com-
pared to Se (Fig. 5).odweb organisms as a function of trophic levels (TL) for the three study sites, estimated by
rve plots (Hg, top left; Se top right).
Table 2
Principal component analysis of total concentrations of Hg and Se, age, length, stabile C-
isotope ratio (δ13C) and trophic level (TL) of perch from the three studied sites. “Percent”
refers to the amount of total variation the different eigenvalues represents. PC: Principal
component. N = 90.
Label PC1 PC2 PC3 PC4 PC5 PC6
Eigenvalue 3.26 1.91 0.51 0.18 0.07 0.06
Percent 54.3 31.9 8.5 3.1 1.2 1.1
Cumulative percent 54.3 86.2 94.7 97.7 98.9 100.0
Variables Eigenvectors
PC1 PC2 PC3 PC4 PC5 PC6
log Hg 0.52 −0.11 0.13 −0.51 0.57 0.34
log Se 0.38 −0.47 −0.11 0.74 0.28 −0.04
log Age 0.52 0.13 0.33 0.13 −0.65 0.41
log Length 0.43 0.42 0.27 0.02 0.09 −0.75
δ13C −0.23 0.62 0.27 0.42 0.41 0.38
TL 0.30 0.43 −0.85 0.02 −0.04 0.10
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3.5.1. Explorative data analysis
Based on the correlations and scatterplotmatrices between variables
(S6), we reduced the dimensionality of the data set by a principal com-
ponent analysis (PCA) and identiﬁed candidates for variables that could
explain the variation of Hg and Se in perch. The ﬁrst two principal com-
ponents (PCs) explained 54% and 32% of the total variation of the data
set, respectively.
Inspections of the biplot (Fig. 6) and the eigenvector matrix (Table
2) showed that PC1 described a dimension mainly correlated with Hg
concentrations, age and length. PC2 described a dimension mainly cor-
related with δ13C and Se, but the vectors of these two variables pointed
in the opposite directions, demonstrating a negative correlation (oppo-
site signs of the eigenvectors). TL loaded moderately on both PC1 and
PC2, but the eigenvector matrix showed that it was the variable with
the greatest contribution to PC3,which accounted for 8% of the common
variation of the data set.
The individual scores of each ﬁsh in the biplot showed an overlap-
ping pattern for the two Norsjø sites, Norsjø N and Norsjø S, but with
the latter slightly skewed to the right along the PC1 axis for the Hg,
age and length dimension. Lake Norheim scores were noticeably
skewed toward more negative values along the PC2 axis. This is in ac-
cordance with lower δ13C ratios and higher Se concentrations here
than in the two other sites.3.5.2. Hg and Se in perch, statistical models
Based on the results from the PCA, we formulated general linear
models with Hg and Se as dependent variables, and trophic level (TL),
carbon isotope ratio (δ13C), ﬁsh age (log-transformed), and lake (nom-
inal variable) as independent variables. We considered length to be re-
dundant because of its close correlation to TL and the a priori higher
importance of TL due to its expected causal relationship toHg and Se ac-
cumulation. We allowed for interactions between site and the continu-
ous predictors, but constrained the models by leaving out the Site x TLFig. 6. The PCA biplot of the perch data showing the loading of each variable (arrows) and
the scores of each ﬁsh (points). 90% bivariate ellipses of the scores are given for each site.
The length of the arrows approximates the variance of the variables, whereas the angels
between them (cosine) approximate their correlations. Points close together correspond
to observations that have similar scores on the PCA components. The cut-point of a
perpendicular from a point to an arrow approximates the value of that observation on
the variable that the arrow represents. The biplot shows that TL, length, age are strongly
positively correlated to Hg and each other, while Se has a less strong correlation to TL,
and is strongly negatively correlated to δ13C.interaction, as we regard the effect of trophic magniﬁcation to be
equal in the three food webs.
For both Hg and Se concentrations [C] we arrived at the following
model with trophic level, δ13C, age, site and interactions between site
and age as independent variables:
Eq:x : log C½  ¼ aþ b1 TLð Þ þ b2 δ13C
 
þ b3 logAgeð Þ þ b4 Siteð Þ
þ b5 Site logAgeð Þ ð6Þ
The Hg and Se models described 87% and 81% of the variation of the
log-transformed concentrations, respectively (Table 3). The concentra-
tions increased with age and trophic levels and decreased with increas-
ing δ13C values. The interaction term Site × log Age were signiﬁcant for
both elements, indicating lake speciﬁc responses on accumulation with
age, when other factors are held constant. The inclusion of perch Se con-
centrationsprovided no further signiﬁcant contribution to theHgmodel
(p = 0.29).
Adjusted means of Hg and Se (dw) were higher in both Lake
Norheim (Hg = 0.94 mg kg−1, Se = 1.33 mg kg−1) and Lake Norsjø N
(Hg = 0.86 mg kg−1 Se = 1.18 mg kg−1) compared to Lake Norsjø S
(Hg = 0.67 mg kg−1, Se = 1.03 mg kg−1) after correcting for differ-
ences in TL, δ13C and age (set to whole sample means). Post hoc tests
(contrasts) conﬁrmed statistical signiﬁcant differences between these
two groups (p b 0.05). For the full models, see Supporting information
(S2 and S3).Table 3
Statisticalmodels (ANCOVAs) explaining totalHg and total Se concentrations inperch (mg
kg−1 dw) from the three study sites. The term estimates refer to the parameters given in
Eq. (6).
Term Response: log Hg Response: log Se
R2 = 0.87; n= 90
d.f.= 7, 82; p b 0.0001
R2 = 0.81; n= 90
d.f.= 7, 82; p b 0.0001
Estimate t Ratio Prob N |t| Estimate t Ratio Prob N |t |
A Intercept −5.644 −7.72 b0.0001 −2.388 −7.71 b0.0001
b1 TL 0.524 2.66 0.0094 0.261 3.13 0.0025
b2 δ13C −0.100 −4.85 b0.0001 −0.057 −6.52 b0.0001
b3 log Age 1.888 11.02 b0.0001 0.182 2.51 0.014
Norheim 0.146 1.56 0.12 0.125 3.17 0.0022
b4 Norsjø N 0.052 0.90 0.37 0.007 0.29 0.77
Norsjø S −0.197 −2.38 0.020 −0.132 −3.76 0.0003
Norheim −0.203 −1.17 0.25 0.208 2.84 0.0057
b5
a Norsjø N 0.481 2.70 0.0080 −0.190 −2.53 0.013
Norsjø S −0.278 −1.73 0.087 −0.018 −0.26 0.79
a b5 × (log Age− 0.456).
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4.1. Food web, perch diet and growth
As evident from the δ15N values and calculated TL, there is less than
one trophic level between some of the assumed primary and secondary
littoral consumers, suggesting a high degree of omnivory in somemem-
bers in these pooled groups (Polis and Strong, 1996). The predominant
food sources in Lake Norsjø perch are likely littoral invertebrate groups
as Trichoptera, Ephemeroptera and Gastropoda (e.g. L. peregra). It seem
unlikely from the measured δ13C signatures that zooplankton consti-
tutes amajor food source for perch in Lake Norsjø, assuming an isotopic
turnover in muscle tissue similar to the closely related yellow perch
(Perca ﬂavescens) with isotopic half-life's of 2 and 4 months for 1 and
2 year old individuals, respectively (Weidel et al., 2011). In the Lake
Norheim perch, zooplankton may potentially be a comparatively sub-
stantial part of their diet, as their δ13C is close to the perch with the
most depleted δ13C. However, the depleted δ13C signatures in some lit-
toral prey groups, more typical for pelagic or profundal organisms
(Vander Zanden and Rasmussen, 1999), indicate that the depleted
δ13C signatures measured in perchmight just as well be from consump-
tionof littoral invertebrates feeding on drift of pelagic prey or fromgraz-
ing benthic algae with depleted δ13C signatures. Depleted δ13C of
benthic algae may arise from a reduced boundary layer effect due to in-
creasedwater turbulence duringwindy periods and thusmore depleted
signatures in benthic algae (France, 1995a, 1995b; France and
Holmquist, 1997). Riverine transport may also be a possible contributor
to some of the observed depleted signatures in littoral invertebrates, es-
pecially in Lake Norsjø N and Lake Norheim, while δ13C in allocthonous
material at comparable latitudes normally range from−29 to−27‰
(Meili et al., 1996; Grey et al., 2001; Karlsson et al., 2012). The δ13C sig-
natures of Ephemeroptera and Trichoptera in Lake Norsjø, and the
pooled sample of L. peregra/Planorbidae spp. in Lake Norheim, are likely
more reliant on amix of allocthonous carbon (Karlsson et al., 2012) and
primary produced autochthonous carbon (mainly by periphyton) in the
littoral zone (Björk-Ramberg, 1983; Vadeboncoeur et al., 2002). There
was no correlation between δ13C and length in perch at any of the
three sites,which indicates that there is little variation in feeding habitat
related to size within the studied perch size range.
Stomach analyses of perch from Lake Norsjø indicated a high degree
of littoral feeding, although the depleted δ13C signatures at the outer
range suggested some inﬂuence by pelagic prey. However, as discussed
above some of the potential littoral prey sampled in the shallow area of
the littoral zone had depleted δ13C signatures. The mainly littoral ﬁsh
(Pethon, 2005) found in the perch stomachs also supports the idea
that these perch are mainly littoral feeders. The stomach samples in
Lake Norheim perch indicated some direct pelagic feeding (zooplank-
ton), besides a high degree of littoral feeding.
The higher growth rate in perch from Lake Norsjø compared to Lake
Norheim corresponded with the observed lower presence of ﬁsh in the
stomach samples from Lake Norheim, as increased piscivory in perch is
expected to increase growth (Linløkken and Sandlund, 2003; Horppila
et al., 2010). The low presence of ﬁsh in the stomach content in perch
b200 mm from Lake Norsjø N, or total absence as in perch from Lake
Norsjø S, and the relatively high inclusion in perch N200 mm, with 70
and 53% for Lake Norsjø N and Lake Norsjø S respectively, suggest that
this might be a size above which the diet to a greater degree consists
of ﬁsh. Hjelm et al. (2000) deﬁned an ontogenetic diet switch from
benthivory to piscivory in perchwhen ﬁsh exceeded 50% of the stomach
content. An ontogenetic diet shift in perch, i.e. switching from mainly
littoral invertebrates to ﬁsh, has been reported in perch from several
lakes and to usually occur at lengths between 130 and 200 mm
(Persson and Eklöv, 1995; Hjelm et al., 2000; Pethon, 2005). Great var-
iability, however, in stomach content are reported within the same
length groups of perch over time, from mainly benthic invertebrates
to mainly ﬁsh from one month to the other during summer (Sandlundet al., 2013). Therefore, we caution against ﬁrm conclusions on diet
based on the limited timeframe the stomach samples in our study
represent.
4.2. Trophic transfer and bioaccumulation of Hg and Se
The results show that both Hg and Se biomagnify, but that Hg exhib-
ited the highest calculated total magniﬁcation factor (TMF). The TMF of
Hg in our study is close to that reported for the food web (TMF= 4.29)
in nearby Lake Heddalsvatn (Moreno et al., 2015). Trophic magniﬁca-
tion of Hg has been found to vary as a result of a host of biochemical fac-
tors, such as deposition rates ofHg, DOC, phosphorous concentrations as
well as geographically, with generally a higher increase per trophic level
in low productivity systems at higher latitudes (Lavoie et al., 2013). The
average slopes of the simple linear regressions between δ15N and log Hg
and log MeHg (TMS) were reported to be 0.16 and 0.24 respectively in
temperate freshwaters (Lavoie et al., 2013). In our study the TMS of
Hg was 0.20, and while the MeHg fractions increased with TL, i.e. from
around 26 to 63% in zooplankton to 93% in small perch (S1), we assume
that the TMS of MeHg should also be higher than for Hg in our study. As
both the investigated LakeNorsjø N site and LakeNorheim site are close
to river outlets, they are in recipient areas of riverine transport of both
allocthonous organic matter (e.g. TOC/DOC) as well as co-transport of
Hg and MeHg with DOC from the watershed (Watras et al., 1998).
This alone may explain the measured higher lake concentrations of Hg
and MeHg and subsequent higher Hg in perch in Lake Norheim and
Lake Norsjø N compared to Lake Norsjø S when adjusting for TL, carbon
source and age (ANCOVAmodel). Thus, it is likely that the higher inter-
cept of Hg in Lake Norheim followed by LakeNorsjø N and Lake Norsjø S
reﬂects the higher baseline concentrations, i.e. accumulation (assimila-
tion) of Hg andMeHg at the base of the food chain (Stewart et al., 2008).
There are varying conclusions regarding themagniﬁcation potential of
Se in freshwater food webs (Orr et al., 2006; Ikemoto et al., 2008;
Ouédraogo et al., 2015). The bioavailability and potential for bioaccumu-
lation vary substantially among different forms of Se (Riedel et al., 1991;
Besser et al., 1989; Besser et al., 1993), which may explain some of the
variation in the reported trophic transfer of Se. Riedel et al. (1991) dem-
onstrated that in three different species of phytoplankton, organic Se
compounds, i.e. selenomethionine, were taken up more rapidly than sel-
enite and selenate. Besser et al. (1989) reported that the bioconcentration
factor (BCF) for zooplankton was highest for selenomethionine
(28,900 ± 9400), followed by selenite (1100 ± 610), and selenate
(351 ± 42). In general, primary producers accumulate most of the Se
that enters the aquatic food chain and bioaccumulation of Se in inverte-
brates is mainly via consumption of ﬁne particulate organic matter com-
posed of either living or dead organic material (Young et al., 2010).
Ouédraogo et al. (2015) concluded that there was no biomagniﬁcation
of Se in three lakes in Burkina Faso with dissolved Se concentrations be-
tween 55.8 and 72.7 ng L−1, which is comparable to the concentration
range in our lakes (16–75 ng L−1). The authors hypothesized that this
could be a result of selenate being the major Se species in their waters.
Similar to Ouédraogo et al. (2015), we did not implement any speciation
of Se. However, ratios of Se biota to water (S1) in gastropods in our study
(4230–12,400), was somewhat higher compared to the calculated range
in gastropods (2860–5290) obtained from results in the study by
Ouédraogo et al. (2015). The Se biota to water ratios in our study were
also somewhat higher than found in organisms at comparable trophic
levels in some Canadian lakes (Belzile et al., 2006) with higher dissolved
Se (142–229 ng L-1). This suggest variations in proportions of organic
and inorganic Se species andbioavailability among lakes that affects Se ac-
cumulation potentials. Although dissolved Se concentrations in our stud-
ied lakes are low, and below the reported average concentrations
(135 ng L−1) for 40 Norwegian lakes reported by Allen and Steinnes
(1987), the Se organism to water ratios at the lower trophic levels in
our study suggest efﬁcient Se uptake in primary producers, which is sub-
sequently bioaccumulated through dietary uptake.
605A. Økelsrud et al. / Science of the Total Environment 566–567 (2016) 596–607Besides the signiﬁcant effects of age and TL on variations in Hg and
Se in perch, the δ13C signature was also a highly signiﬁcant explanatory
variable in the ANCOVAmodel. Themodel shows an increase of both Se
and Hg with decreasing δ 13C, i.e. as the carbon sources are more pelag-
ic/profundal rather than littoral (Vander Zanden and Rasmussen, 1999).
Orr et al. (2006) reported higher food chain transfer of Se in ﬁsh in lentic
compared to lotic habitats in a western Canadianwatershed, and attrib-
uted this to an enhanced formation of organoselenium and subsequent
uptake and cycling via sediment–detrital pathways. It is possible that
the higher TOC in Lake Norheim can be an explanation for the higher
Se water and biota concentrations in this lake, including transport into
the lake and subsequent higher Se availability from sediment-detrital
pathways. Whether the increased Se with a depleted δ13C signature in
perch mainly originate in pelagic food chains of phytoplankton assimi-
lating Se, or via assimilation from detritus in the littoral zone by littoral
invertebrates is difﬁcult to elucidate, due the generally depleted δ13C
signature in both zooplankton and some littoral groups. Nevertheless,
the overall higher concentrations of Se in zooplankton (as dw) com-
pared to littoral invertebrates at all three sites suggest higher pelagic
Se concentrations and/or more efﬁcient uptake in the pelagic area com-
pared to the littoral area at the base of the food chain.
In our study, zooplankton in Lake Norheim had higher concentra-
tions of both Hg and MeHg compared to littoral benthic organisms at
comparable TLs. This corresponds to results from a study of small mid-
latitude lakes in North America where Chételat et al. (2011) demon-
strated littoral–pelagic differences in MeHg bioaccumulation. The au-
thors attributed this to result from spatial variation in aqueous MeHg
concentration or from more efﬁcient uptake of aqueous MeHg into the
pelagic food web. In Lake Norsjø, the same difference between pelagic
zooplankton and littoral invertebrates at comparable TLswas not appar-
ent, with less difference inHg andMeHg concentrations between pelag-
ic and littoral invertebrates at comparable TLs. This may imply less
variation in uptake between pelagic and littoral areas when compared
to Lake Norheim. However, due the limited data on invertebrates in
our study this is tentative. Chételat et al. (2011) suggested that the ele-
vated concentrations in zooplankton compared to littoral invertebrates
should increase bioaccumulation of MeHg in pelagic feeders compared
to littoral feeders. Although our results are consistent with this, i.e. in-
crease in perch Hg with a more pelagic signature, the much-depleted
δ13C in some of the littoral invertebrate groups in our studymay also in-
dicate that ﬁsh predominantly feeding in the littoral zone, are inﬂu-
enced by a pelagic to littoral pathway of carbon and Hg and Se.
Above the uppermost TL, agewas an increasingly important factor to
explain the continuous accumulation of Hg in perch at all three sites,
both when comparing the relationships between age and TL, and age
and Hg (S6). However, probably due to a combination of higher prey
Hg concentrations and the slower growth in Lake Norheim, the Hg con-
centration in perch, at a normalized length (geometric average), was
higher in this lake comparedwith both Lake Norsjø sites, despite similar
TL (S4). TheHg concentrations inﬁsh are a balance between theHg con-
centrations of their prey, excretion rates and growth dilution. Thus,
higher accumulation should be expected in older and slower growing
ﬁsh (Trudel and Rasmussen, 2006). In addition, Hg accumulates at a
higher rate than Se with age (S7), which further decreases the relative
amount of Se to Hg. Accordingly, equimolar concentrations of Se and
Hg should eventually occur at a certain trophic position, size or age in
perch. Only oneperch in our study, from LakeNorheim, actually reached
a 1:1M ratio of Se:Hg,which is the suggested threshold belowwhich in-
creased susceptibility to Hg toxicity is expected (Peterson et al., 2009;
Sørmo et al., 2011; Mulder et al., 2012).
4.3. Hg and Se interactions in perch
At all three sites therewas a positive correlation betweenmuscle tis-
sue concentrations of Se andHg in perch, and adjustedmeanmuscle tis-
sue concentrations of Se aswell as Hgwere signiﬁcantly higher in perchfrom Lake Norheim and Lake Norsjø N compared to Lake Norsjø S. Chen
et al. (2001) reported signiﬁcant reductions inmuscle tissueHg concen-
trations as an effect of increasing muscle tissue Se concentrations in
perch (P. ﬂavescens) across 9 lakes in the Sudbury area in Canada.
These lakes have higher dissolved Se concentrations (87–727 ng L−1),
compared with the two lakes and three sites in this study (range: 16–
75 ng L−1). Other studies have also described signiﬁcant reduction of
Hg in biota at comparably higher Se concentrations in water (Paulsson
and Lundberg, 1989; Belzile et al., 2006). Bjerregaard et al. (2011) re-
ported that the threshold for selenite in food to increase signiﬁcantly
the elimination of MeHg in zebraﬁsh (Danio rerio), in a laboratory
study, was 0.95mg Se Kg−1 (wet weight). In comparison, all lower tro-
phic level organisms, and potential perch prey in our study, had Se con-
centrations well below this when converted into wet weight (water
content ~80–99%). Yang et al. (2010) concludedwith a Se tissue thresh-
old of 6.2mg kg−1 dw inﬁshmuscle ofwalleye (Stizostedion vitreum), in
the Sudbury area in Canada, for an unambiguous antagonistic effect
against Hg accumulation. In comparison, in our studied biota all Se con-
centrations were below this. The generally lower trout muscle tissue
mercury concentrations in areas of Norway with high selenium deposi-
tion compared to areas with lower selenium depositions (Fjeld and
Rognerud, 1993) indicate that regional variations in lake water Se con-
centrations may lead to a varying degree of a Se mediated reduction on
mercury accumulation in aquatic biota in Norwegian lakes. If so, this
would correspond with the results from the Canadian lakes discussed
above (Chen et al., 2001; Belzile et al., 2006; Yang et al., 2010).
Given the low water Se concentrations (and subsequently in biota)
in our studied lakes, we hypothesize that they are representative of
lakes with insufﬁcient Se levels for an efﬁcient Hg sequestration effect
up the food chain. However to make ﬁrm conclusions on the potential
mitigating effects of Se on Hg uptake in biota in Norwegian boreal
lakes, a higher number of lakeswith varying Sewater and biota concen-
trations and little variations in other possible explanatory factors would
be warranted.
5. Conclusions
We report a trophic magniﬁcation (TMF) of Hg as well as Se, with an
increase per trophic level of 4.64 for Hg and 1.29 for Se in the aquatic
food chain in the two boreal lakes.
Higher perch muscle Hg concentrations in Lake Norheim and Lake
Norsjø N, compared to Lake Norsjø S, when adjusted for age, carbon
source and trophic position, probably reﬂects the higher water concen-
trations of Hg and subsequent bioavailable Hg at lower trophic levels.
We hypothesize that these site-speciﬁc differences reﬂects riverine
transport of TOC and Hg/MeHg from nearby rivers.
In addition to higher overall concentrations of Se and Hg in water
and biota in Lake Norheim, the continuous accumulation of both ele-
ments with age and the slower growth of Lake Norheim perch contrib-
utes to higher size adjusted mean Se and Hg muscle concentrations
when compared to Lake Norsjø perch.
Both Se andHg concentrations increasewith amore depleted carbon
signature in perch. This indicates a more intense assimilation in the pe-
lagic areas of the lake, i.e. bulk uptake of Hg and possibly Se in these
lakes are via assimilation by phytoplankton, and subsequently trans-
ferred up the food chain. The much depleted carbon signature of some
of the potential littoral perch prey, suggest that the inﬂuence from the
pelagic area, and thus increased uptake of Hg and Se may be through
a pelagic to littoral pathway.
Se and Hg concentrations in perch muscle were positively correlat-
ed, and Se did not explain any variations in Hg concentrations in
perch muscle tissue after we controlled for the effects of other impor-
tant covariates. A possible explanation for the seeming lack of a Se effect
for efﬁcient sequestration of Hg in perch in this study may be an envi-
ronmental Se concentration threshold above that measured in these
lakes.
606 A. Økelsrud et al. / Science of the Total Environment 566–567 (2016) 596–607Acknowledgments
This study has been funded by the Norwegian Research Council and
University College of southeast-Norway. We like to thank Dr. Clara
Moreno, and Master students Marijanne Holtan and Mari Darrud for
helping out with parts of the ﬁeldwork.Appendix A. Supplementary data
Supplementary data to this article can be found online at http://dx.
doi.org/10.1016/j.scitotenv.2016.05.109.References
Allen, R.O., Steinnes, E., 1987. A contribution to the geochemistry of lakes in Norway. NGU
Bulletin 409, 35–48.
Atwell, L., Hobson, K.A., Welch, H.E., 1998. Biomagniﬁcation and bioaccumulation of mer-
cury in an arctic marine foodweb: insights from stable nitrogen isotope analysis. Can.
J. Fish. Aquat. Sci. 55, 1114–1121. http://dx.doi.org/10.1139/f98-001.
Belzile, N., Chen, Y.W., Gunn, J.M., Tong, J., Alarie, Y., Delonchamp, T., Lang, C.Y., 2006. The
effect of selenium on mercury assimilation by freshwater organisms. Can. J. Fish.
Aquat. Sci. 63, 1–10. http://dx.doi.org/10.1139/f05-202.
Belzile, N., Chen, Y.W., Yang, D.Y., Truong, Y.T.H., Zhao, Q.X., 2009. Selenium bioaccumula-
tion in freshwater organisms and antagonistic effect against mercury assimilation.
Environ. Bioindic. 4, 203–221. http://dx.doi.org/10.1080/15555270903143408.
Benoit, J.M., Gilmour, C.C., Mason, R.P., 2001. Aspects of bioavailability of mercury for
methylation in pure cultures of Desulfobulbus propionicus. Appl. Environ. Microbiol.
67, 51–58. http://dx.doi.org/10.1128/AEM.67.1.51-58.2001.
Berg, T., Fjeld, E., Steinnes, E., 2006. Atmospheric mercury in Norway: contributions from
different sources. Sci. Total Environ. 368 (1), 3–9. http://dx.doi.org/10.1016/j.
scitotenv.2005.09.059.
Besser, J.M., Huckins, J.N., Little, E.E., La Point, T.W., 1989. Distribution and bioaccumula-
tion of selenium in aquatic microcosms. Environ. Pollut. 62, 1–2. http://dx.doi.org/
10.1016/02697491(89)90091-2.
Besser, J.M., Canﬁeld, T.J., La Point, T.W., 1993. Bioaccumulation of organic and inorganic
selenium in a laboratory food chain. Environ. Toxicol. Chem. 12, 57–72. http://dx.
doi.org/10.1002/etc.5620120108.
Bjerregaard, P., Fjordside, S., Hansen, M.G., Petrova, M.B., 2011. Dietary selenium reduces
retention of methyl mercury in freshwater ﬁsh. Environ. Sci. Technol. 45, 9793–9798.
http://dx.doi.org/10.1021/es202565g.
Björk-Ramberg, S., 1983. Production of epipelic algae before and during lake fertilization
in a subarctic lake. Holarct. Ecol. 6, 349–355. http://dx.doi.org/10.1111/j.1600-0587.
1983.tb01229.x.
Björnberg, A., Håkanson, L., Lundbergh, K., 1988. A theory of the mechanisms regulating
the bioavailability of mercury in natural waters. Environ. Pollut. 49, 53–61. http://
dx.doi.org/10.1016/02697491(88)90013-9.
Boening, D.W., 2000. Ecological effects, transport, and fate of mercury: a general review.
Chemosphere 40, 1335–1351. http://dx.doi.org/10.1016/S0045-6535(99)00283-0.
Borgå, K., Kidd, K.A., Muir, D.C., Berglund, O., Conder, J.M., Gobas, F.A., Kucklick, J., Malm,
O., Powell, D.E., 2011. Trophic magniﬁcation factors: considerations of ecology, eco-
systems, and study design. Integr. Environ. Assess. Manag. 8, 64–84. http://dx.doi.
org/10.1002/ieam.244.
Braaten, H.F.V., deWit, H.A., Harman, C., Hageström, U., Larssen, T., 2013. Effects of sample
preservation and storage on mercury speciation in natural stream water. Int.
J. Environ. Anal. Chem. 94, 381–384. http://dx.doi.org/10.1080/03067319.2013.
823489.
Burger, J., Jeitner, C., Donio, M., Pittﬁeld, T., Gochfeld, M., 2013. Mercury and selenium
levels, and selenium:mercury molar ratios of brain, muscle and other tissues in blue-
ﬁsh (Pomatomus saltatrix) from New Jersey, USA. Sci. Total Environ. 443, 278–286.
http://dx.doi.org/10.1016/j.scitotenv.2012.10.040.
Cabana, G., Rasmussen, J.B., 1994. Modelling food chain structure and contaminant bioac-
cumulation using stable nitrogen isotopes. Nature (London) 372, 255–257. http://dx.
doi.org/10.1038/372255a0.
Cabana, G., Rasmussen, J.B., 1996. Comparison of aquatic food chains using nitrogen iso-
topes. Proceedings of the National Academy of Sciences, USA. 93, pp. 10844–10847
(PMCID: PMC38243).
Calow, P., 1970. Studies on the natural diet of Lymnaea peregra obtusa (Kobelt) and its
possible ecological implications. Proceedings of the Malacological Society of London.
39, pp. 203–215.
Chen, Y.W., Belzile, N., Gunn, J.M., 2001. Antagonistic effect of selenium on mercury as-
similation by ﬁsh populations near Sudbury metal smelters? Limnol. Oceanogr. 46,
1814–1818. http://dx.doi.org/10.4319/lo.2001.46.7.1814.
Chételat, J., Amyot, M., Garcia, E., 2011. Habitat-speciﬁc bioaccumulation of methylmer-
cury in invertebrates of small mid-latitude lakes in North America. Environ. Pollut.
159, 10–17. http://dx.doi.org/10.1016/j.envpol.2010.09.034.
Craig, H., 1953. The geochemistry of the stable carbon isotopes. Geochim. Cosmochim.
Acta 3 (2–3), 53–92. http://dx.doi.org/10.1016/0016-7037(53)90001-5.
DeNiro, M.J., Epstein, S., 1978. Inﬂuence of diet on the distribution of carbon isotopes in
animals. Geochim. Cosmochim. Acta 42, 495–506. http://dx.doi.org/10.1016/0016-
7037(78)90199-0.DeNiro, M.J., Epstein, S., 1981. Inﬂuence of diet on the distribution of nitrogen isotopes in
animals. Geochim. Cosmochim. Acta 45, 341–351. http://dx.doi.org/10.1016/0016-
7037(81)90244-1.
EC, 2006. European Commission Regulation (EC) No 1881/2006. Setting Maximum Levels
for Certain Contaminants in Foodstuffs. European Commission. Commission Regula-
tion (EC) No 1881/2006 (Bruxelles, Belgium).
Fitzgerald, W.F., Engstrom, D.R., Mason, R.P., Nater, E.A., 1998. The case for atmospheric
mercury contamination in remote areas. Environ. Sci. Technol. 32, 1–7. http://dx.
doi.org/10.1021/es970284w.
Fjeld, E., Rognerud, S., 1993. Use of path analysis to investigate mercury accumulation in
brown trout (Salmo trutta) in Norway and the inﬂuence of environmental factors.
Can. J. Fish. Aquat. Sci. 50, 1158–1167. http://dx.doi.org/10.1139/f93-132.
Fjeld, E., Rognerud, S., 2009. Environmental toxicants in freshwater ﬁsh - 2008. Mercury
in perch and organic pollutants in brown trout. Norwegian pollution monitoring pro-
gram, SFT. Report TA-2544/2009 (In Norwegian with English summary) http://hdl.
handle.net/11250/214658.
Fjeld, E., Rognerud, S., Christensen, G.N., Dahl-Hanssen, G., Braaten, H.F.V., 2010. Environ-
mental monitoring ofmercury in perch. Norwegian climate and pollution directorate,
KLIF-2010. Report TA-2737 (In Norwegian with English summary) http://hdl.handle.
net/11250/215251.
France, R.L., 1995a. Differentiation between littoral and pelagic food webs in lakes using
stable carbon isotopes. Limnol. Oceanogr. 40, 1310–1313. http://dx.doi.org/10.4319/
lo.1995.40.7.1310.
France, R.L., 1995b. Carbon-13 enrichment in benthic compared to planktonic algae: food
web implications. Mar. Ecol. Prog. Ser. 124, 307–312. http://dx.doi.org/10.3354/
meps124307.
France, R.L., Holmquist, J.G., 1997. δ13C variability of macro algae: effects of water motion
via bafﬂing by seagrasses and mangroves. Mar. Ecol. Prog. Ser. 149, 305–308. http://
dx.doi.org/10.3354/meps149305.
Gilmour, C.C., Riedel, G.S., 2000. A survey of size-speciﬁc mercury concentrations in game
ﬁsh from Maryland fresh and estuarine waters. Arch. Environ. Contam. Toxicol. 39,
53–59. http://dx.doi.org/10.1007/s002440010079.
Grey, J., Jones, R.I., Sleep, D., 2001. Seasonal changes in the importance of the source of or-
ganic matter to the diet of zooplankton in Loch Ness, as indicated by stable isotope
analysis. Limnol. Oceanogr. 46, 505–513. http://dx.doi.org/10.4319/lo.2001.46.3.
0505.
Hamilton, S.J., 2004. Review of selenium toxicity in the aquatic food chain. Sci. Total Envi-
ron. 326 (1–3), 1–31. http://dx.doi.org/10.1016/j.scitotenv.2004.01.019.
Hjelm, J., Persson, L., Christensen, B., 2000. Growth, morphological variation and ontoge-
netic niche shifts in perch (Perca ﬂuviatilis) in relation to resource availability.
Oecologia 122, 190–199. http://dx.doi.org/10.1007/PL00008846.
Horppila, J., Olin, M., Vinni, M., Estlander, S., Nurminen, L., Rask, M., Ruuhijärvi, J.,
Lehtonen, H., 2010. Perch production in forest lakes: the contribution of abiotic and
biotic factors. Ecol. Freshw. Fish 19, 257–266. http://dx.doi.org/10.1111/j.1600-
0633.2010.00410.x.
Ikemoto, I., Cam, T.N., Okuda, N., Iwata, A., Omori, K., Tanabe, S., et al., 2008.
Biomagniﬁcation of trace elements in the aquatic food web in the Mekong
Delta, South Vietnam using stable carbon and nitrogen isotope analysis. Arch.
Environ. Contam. Toxicol. 54, 504–515. http://dx.doi.org/10.1007/s00244-007-
9058-5.
Jones, H.J., Swadling, K.M., Butler, E.C.V., Barry, L.A., Macleod, C.K., 2014. Application of sta-
ble isotope mixing models for deﬁning trophic biomagniﬁcation pathways of mercu-
ry and selenium. Limnol. Oceanogr. 59 (4), 1181–1192. http://dx.doi.org/10.4319/lo.
2014.59.4.1181.
Karlsson, J., Berggren, M., Ask, J., Byström, P., Jonsson, A., Laudon, H., Jansson, M., 2012.
Terrestrial organic matter support of lake food webs: evidence from lake metabolism
and stable hydrogen isotopes of 747 consumers. Limnol. Oceanogr. 57, 1042–1048.
http://dx.doi.org/10.4319/lo.2012.57.4.1042.
Kerin, E.J., Gilmour, C.C., Roden, E., Suzuki, M.T., Coates, J.D., Mason, R.P., 2006. Mercury
methylation by dissimilatory iron-reducing bacteria. Appl. Environ. Microbiol. 72,
7919. http://dx.doi.org/10.1128/AEM.01602-06.
Kling, G.W., Fry, B., O'Brien, W.J., 1992. Stable isotopes and planktonic trophic structure in
arctic lakes. Ecology 73, 561–566. http://dx.doi.org/10.2307/1940762.
Kling GW. Ecosystem-scale experiments: the use of stable isotopes in fresh waters. In:
Baker LA, editor. Environmental Chemistry of Lakes and Reservoirs. Washington,
DC. American Chemical Society 1994;(Ch.4), 91–120. ISBN 0 8412 2526 5.
Kofstad P. Inorganic chemistry. Ch. 20. H. Aschehoug & Co AS; 1979. ISBN 82–03–11676-0.
Lavigne, M., Lucotte, M., Paquet, S., 2010. Relationship between mercury concentration
and growth rates for walleyes, northern pike, and lake trout from Quebec lakes. N.
Am. J. Fish Manag. 30, 1221–1237. http://dx.doi.org/10.1577/M08-065.1.
Lavoie, R.A., Jardine, T.D., Chumchal, M.M., Kidd, K.A., Campbell, L., 2013. Biomagniﬁcation
of mercury in aquatic food webs: a worldwide meta-analysis. Environ. Sci. Technol.
47, 13385–13394. http://dx.doi.org/10.1021/es403103t.
Lehnherr, I., 2009. St. Louis VL. Importance of ultraviolet radiation in the
photodemethylation of methylmercury in freshwater ecosystems. Environ. Sci.
Technol. 43, 5692–5698. http://dx.doi.org/10.1021/es9002923.
Liang, Y., 1974. Cultivation of Bulinus (Physopsis) globosus and Biomphalaria pfeifferi
pfeifferi, snail host of schistosomiasis. Sterkiana 53/54, 1–75 (OCLC Number:
68477725).
Linløkken A, Sandlund OT. Fish and ﬁshery in Lake Osensjøen – a summary of 25 yrs of
investigations. Norwegian Institute of Nature Reasarch, NINA. Contract Rep. 2003;
794:1–18. ISBN 82–426–1405-9(In Norwegian with English summary).
Lucotte, M., Paquet, S., Moingt, M., 2016. Climate and physiography predict mercury con-
centrations in game ﬁsh species in Quebec lakes better than anthropogenic distur-
bances. Arch. Environ. Contam. Toxicol. 70, 710–723. http://dx.doi.org/10.1007/
s00244-016-0261-0.
607A. Økelsrud et al. / Science of the Total Environment 566–567 (2016) 596–607Lydersen, E., Høgberget, R., Moreno, C., Garmo, Ø., Hagen, P., 2014. The effects of wildﬁre
on the water chemistry of dilute, acidic lakes in southern Norway. Biogeochemistry
119 (1–3), 109–124. http://dx.doi.org/10.1007/s10533-014-9951-8.
Malek, E., 1958. Factors conditioning the habitat of bilharziasis intermediate host of the
family Planorbidae. Bull. World Health Organ. 18, 785–818 (PMCID: PMC2537954).
Mariotti, A., 1983. Atmospheric nitrogen is a reliable standard for natural 15N abundance
measurements. Nature 5919, 685–687. http://dx.doi.org/10.1038/303685a0.
Masscheleyn, P.H., Patrick, W.H., 1993. Biogeochemical processes affecting selenium cy-
cling in wetlands. Environ. Toxicol. Chem. 12, 2235–2243. http://dx.doi.org/10.
1002/etc.5620121207.
Meili, M., Kling, G.W., Fry, B., Bell, R.T., Ahlgren, I., 1996. Sources and partitioning of organ-
ic matter in a pelagic microbial food web inferred from the isotopic composition
(δ13C and δ15N) of zooplankton species. Archive of Hydrobiology – Advances in Lim-
nology. Aquat. Microb. Ecol. 48, 53–61http://www.schweizerbart.de/publications/
detail/isbn/9783510470495/Aquatic-microbial ecology.
Minagawa, M., Wada, E., 1984. Stepwise enrichment of 15N along food chains: further ev-
idence and the relation between δ15N and animal age. Geochim. Cosmochim. Acta 48,
1135–1140. http://dx.doi.org/10.1016/0016-7037(84)90204-7.
Moreno, C., Fjeld, E., Deshar, M., Lydersen, E., 2015. Seasonal variation of mercury and
δ15N in ﬁsh from Lake Heddalsvatn, southern Norway. J. Limnol. 74 (1), 21–30.
http://dx.doi.org/10.4081/jlimnol.2014.918.
Mulder, P.J., Lie, E., Eggen, G.S., Ciesielski, T.M., Berg, T., Skaare, J.U., Jenssen, B.M., Sormo,
E.G., 2012. Mercury in molar excess of selenium interferes with thyroid hormone
function in free-ranging freshwater ﬁsh. Environ. Sci. Technol. 46 (16), 9027–9037.
http://dx.doi.org/10.1021/es301216b.
OECD, 2005. Chemical thermodynamics volume 7. Chemical Thermodynamics of Seleni-
um. Elsevier B.V., Amsterdam, The Netherlands.
Orr, P.L., Guiguer, K.R., Russel, C.K., 2006. Food chain transfer of selenium in lentic and
lotic habitats of a western Canadian watershed. Ecotoxicol. Environ. Saf. 63,
175–188. http://dx.doi.org/10.1016/j.ecoenv.2005.09.004.
Ouédraogo, O., Chételat, J., Amyot, M., 2015. Bioaccumulation and trophic transfer of mer-
cury and selenium in African sub-tropical ﬂuvial reservoirs foodwebs (Burkina Faso).
PLoS One 10 (4), 1–22. http://dx.doi.org/10.1371/journal.pone.0123048.
Paulsson, K., Lundberg, K., 1989. The seleniummethod for treatment of lakes for elevated
levels of mercury in ﬁsh. Sci. Total Environ. 87/88, 495–507. http://dx.doi.org/10.
1016/00489697(89)90256-8.
Parker, J.L., Bloom, N.S., 2005. Preservation and storage techniques for low-level aqueous
mercury speciation. Sci. Total Environ. 337, 253–263. http://dx.doi.org/10.1016/j.
scitotenv.2004.07.006.
Parks, J.M., Johs, A., Podar, M., Bridou, R., Hurt, R.A., Smith, S.D., Tomanicek, S.J., Qian, Y.,
Brown, S.D., Brandt, C.C., Palumbo, A.V., Smith, J.C., Wall, J.D., Elias, D.A., Liang, L.,
2013. The genetic basis for bacterial mercury methylation. Science 339, 1332–1335.
http://dx.doi.org/10.1126/science.1230667.
Pelletier E. Environmental organometallic chemistry of mercury, tin, and lead: present
status and perspectives. In: Tessier A, Turner DR (Eds). Metal Speciation and Bioavail-
ability in Aquatic Systems. IUPAC, John Wiley and Sons Ltd, 1995:103–48. ISBN13:
9780471958307.
Persson, L., Eklöv, P., 1995. Prey refuges affecting interactions between piscivorous perch
and juvenile perch and roach. Ecology 76, 70–81. http://dx.doi.org/10.2307/1940632.
Peterson, S.A., Ralston, N.V.C., Peck, D.V., Van Sickle, J., Robertson, J.D., Spate, V.L., Morris,
J.S., 2009. How might selenium moderate the toxic effects of mercury in stream ﬁsh
of the Western U.S.? Environ. Sci. Technol. 43 (10), 3919–3925. http://dx.doi.org/
10.1021/es803203g.
Pethon P. Aschehougs large ﬁshbook, 5th edition. Aschehoug & Co. (W. Nygaard) AS, Oslo
2005. (In Norwegian). ISBN: 9788276434033.
Polis, G.A., Strong, D.R., 1996. Food web complexity and community dynamics. Am. Nat.
147, 813–846. http://dx.doi.org/10.1086/285880.
Porcella DB. Mercury in the environment - biochemistry. In Watras CJ, Huckabee JW
(Eds). Mercury Pollution, Integration and Synthesis: Boca Raton, FL CRC Press:1994;
3–19. ISBN 9781566700665 – (CAT# L1066)
Post, D.M., 2002. Using stable isotopes to estimate trophic position: models, methods and
assumptions. Ecology 83 (3), 703–718. http://dx.doi.org/10.1890/0012-
9658(2002)083[0703:USITET]2.0.CO;2.
Power, M., Klein, G.M., Guiguer, K.R.R.A., Kwan, M.K.H., 2002. Mercury accumulation in
the ﬁsh community of a sub-Arctic lake in relation to trophic position and carbon
sources. J. Appl. Ecol. 39, 819–830. http://dx.doi.org/10.1046/j.1365-2664.2002.
00758.x.
Ralston, N.V.C., Lloyd Blackwell III, J., Raymond, L.J., 2007. Importance of molar ratios in se-
lenium-dependent protection against methylmercury toxicity. Biol. Trace Elem. Res.
119, 225–268. http://dx.doi.org/10.1007/s12011-007-8005-7.
Ralston, N.V.C., Unrine, J., Wallschläger, D., 2008. Biogeochemistry and Analysis of Seleni-
um and Its Species. Prepared for: North American Metals Council. http://namc.org/
docs/00043673.PDF.
Ralston NV, Raymond LJ. Dietary selenium's protective effects against methylmercury
toxicity. Toxicology 2010; 28;278(1):112–23. doi: http://dx.doi.org/10.1016/j.tox.
2010.06.004
Riedel, G.F., Ferrier, P., Sanders, J.G., 1991. Uptake of selenium by freshwater phytoplank-
ton. Water Air Soil Pollut. 57, 23–30. http://dx.doi.org/10.1007/BF00282865.
Rognerud, S., Berge, D., Johannessen, M., 1979. The Telemark watercourse. Main report
from the investigation period 1975–1979. Norwegian Institute for Water Research,
NIVA-report 1147 (In Norwegian) http://hdl.handle.net/11250/202521.
Rognerud, S., Fjeld, E., 2002. Mercury in ﬁsh from lakes in Hedemark, with focus on the
Swedish boarder area. Norwegian Institute for Water Research, NIVA-report 487
(In Norwegian with English summary) http://hdl.handle.net/11250/211577.Sandlund, O.T., Haugerud, E., Rognerud, S., Borgstrøm, R., 2013. Arctic charr (Salvelinus
alpinus) squeezed in a complex ﬁsh community dominated by perch (Perca
ﬂuviatilis). Fauna Norvegica 33, 1–11. http://dx.doi.org/10.5324/fn.v33i0.1579.
Sellers, P., Kelly, C.A., Rudd, J.W.M., MacHutchon, A.R., 1996. Photodegradation of methyl
mercury in lakes. Nature 380, 694–697. http://dx.doi.org/10.1038/380694a0.
Simmons, B.D.D., Wallschläger, D., 2005. A critical review of the biogeochemistry and eco-
toxicology of selenium in lotic and lentic environments. Environ. Toxicol. Chem. 24,
1331–1343. http://dx.doi.org/10.1897/04-176R.1.
Simoneau, M., Lucotte, M., Garceau, S., Laliberte, D., 2005. Fish growth rates modulate
mercury concentrations in walleye (Sander vitreus) from eastern Canadian lakes. En-
viron. Res. 98, 73–82. http://dx.doi.org/10.1016/j.envres.2004.08.002.
Skarbøvik, E., Stålnacke, P., Kaste, Ø., Selvik, J.R., Tjomsland, T., Høgåsen, T., Aakerøy, P.A.,
Beldring, S., 2010. Riverine inputs and direct discharges to Norwegian coastal waters.
The Norwegian Climate and Pollution Agency (Report TA-2726-2010, 75
pp + Appendices and Addendum) http://hdl.handle.net/11250/215160.
Stewart, A.R., Saiki, M.K., Kuwabara, J.S., Alpers, C.N., Marvin-DiPasquale, M., Krabbenhoft,
D.P., 2008. Inﬂuence of plankton mercury dynamics and trophic pathways onmercu-
ry concentrations of top predator ﬁsh of a mining-impacted reservoir. Can. J. Fish.
Aquat. Sci. 65, 2351–2366. http://dx.doi.org/10.1139/F08-140.
Sørmo, E.G., Ciesielski, T.M., Øverjordet, I.B., Lierhagen, S., Eggen, G.S., Berg, T., Jenssen,
B.M., 2011. Seleniummoderates mercury toxicity in free-ranging freshwater ﬁsh. En-
viron. Sci. Technol. 45 (15), 6561–6566. http://dx.doi.org/10.1021/es200478b.
Tjomsland, T., Berge, D., Berglind, L., Brettum, P., 1983. Routine Monitoring in the Tele-
mark Watercourse 1982. The Norwegian Institute for Water Research (Report 74/
83. O-8000207, 42 pp (In Norwegian)) http://hdl.handle.net/11250/203408.
Trudel, M., Rasmussen, J.B., 2006. Bioenergetics and mercury dynamics in ﬁsh: a model-
ling perspective. Can. J. Fish. Aquat. Sci. 63, 1890–1902. http://dx.doi.org/10.1139/
f06-081.
Turner, M.A., Swick, A.L., 1983. The English-Wabigoon River system: IV. Interaction be-
tween mercury and selenium accumulated from waterborne and dietary sources by
northern pike (Esox lucius). Can. J. Fish. Aquat. Sci. 40, 2241–2250. http://dx.doi.org/
10.1139/f83-260.
UNEP Global Mercury Assessment, 2013. Sources, emissions. Releases and Environmental
Transport, UNEP Chemicals Branch, Geneva, Switzerlandhttp://www.unep.org/PDF/
PressReleases/GlobalMercuryAssessment2013.pdf.
USEPA, 1998. Method 1630: Methylmercury inWater by Distillation, Aqueous Ethylation,
Purge and Trap, and Cold Vapor Atomic Fluorescence Spectrometry. USEPA, Ofﬁce of
Waterhttp://www.caslab.com/EPA-Methods/PDF/EPA-Method-1630.pdf.
USEPA, 2002. Method 1631, Revision E: Mercury in Water by Oxidation, Purge and Trap,
and Cold Vapor Atomic Fluorescence Spectrometry. USEPA, Ofﬁce of Waterhttp://
www.gesamp.org/data/gesamp/ﬁles/ﬁle_element/e6a9e840fac74842323bb3bdb03
22d6/USEPA_1631.pdf.
Vadeboncoeur, Y., Vander Zanden, M.J., Lodge, D.M., 2002. Putting the lake back together:
reintegrating benthic pathways into lake food web models. Bioscience 52, 44–54.
http://dx.doi.org/10.1641/0006 3568(2002)052[0044:ptlbtr]2.0.co.
Vander Zanden, M.J., Rasmussen, J.B., 1999. Primary consumer δ13C and δ15N and the tro-
phic position of aquatic consumers. Ecology 80 (4), 1395–1404. http://dx.doi.org/10.
1890/00129658(1999)080[1395:PCCANA]2.0.CO;2.
Vardapetyn, S.M., 1972. Food relations of predatory crustaceans in lake zooplankton. Sov.
J. Ecol. 3, 222–227.
Watras, C.J., Bloom, N.S., 1992. Mercury and methylmercury in individual zooplankton:
implications for bioaccumulation. Limnol. Oceanogr. 37, 1313–1318. http://dx.doi.
org/10.4319/lo.1992.37.6.1313.
Watras, C.J., Back, R.C., Halvorsen, S., Hudson, R.J., Morrison, K.A., Wente, S.P., 1998. Bioac-
cumulation of mercury in pelagic freshwater food webs. Sci. Total Environ. 219,
183–208. http://dx.doi.org/10.1016/S0048-9697(98)00228-9.
Weidel, B.C., Carpenter, S.R., Kitchell, J.F., Vander Zanden, M.J., 2011. Rates and compo-
nents of carbon turnover in ﬁsh muscle: insights from bioenergetics models and a
whole-lake 13C addition. Can. J. Fish. Aquat. Sci. 68, 387–399. http://dx.doi.org/10.
1139/F10-158.
Wiener JG, Spry DJ. Toxicological signiﬁcance ofmercury in freshwater ﬁsh. In: BeyerWN,
Heinz GH, Redmon AW, editors. Environmental Contaminants in Wildlife:
Interpreting Tissue Concentrations. Boca Raton: Lewis Publishers 1996,297–339.
ISBN-13: 978-1566700719.
Wolfe, M.F., Schwarzbach, S., Sulaiman, R.A., 1998. Effects of mercury on wildlife: a com-
prehensive review. Environ. Toxicol. Chem. 17, 146–160. http://dx.doi.org/10.1002/
etc.5620170203.
Wu, X., Låg, J., 1988. Selenium in Norwegian farmland soils. Acta Agric. Scand. 38,
271–276. http://dx.doi.org/10.1080/00015128809437988.
Wängberg, I., Aspmo Pfaffhuber, K., Berg, T., Hakola, H., Kyllönen, K., Munthe, J., Porvari, P.,
Verta, M., 2010. Atmospheric and Catchment Mercury Concentrations and Fluxes in
Fennoscandia. Tema Nord. 594. Nordic Council of Ministers, Copenhagenhttp://
nmr.mallverkstan.net/ﬁler/ﬁler/4557/KoL_10_2_7_8a_%20Report_%20Mercury_%
20luxes_%20 in_%20Fennoscandia.pdf.
Yang, D.Y., Ye, X., Chen, Y.W., Belzile, N., 2010. Inverse relationships between selenium
and mercury in tissues of young walleye (Stizosedion vitreum) from Canadian boreal
lakes. Sci. Total Environ. 408, 1676–1683. http://dx.doi.org/10.1016/j.scitotenv.2009.
11.049.
Young TF, Finley K, Adams WJ, Besser JM, Hopkins WA, Jolley D, McNaughton E, Presser
TS, Shaw DP, Wang WX. What you need to know about selenium. In: Chapman PM,
Adams WJ, Brooks ML, Delos CG, Luoma S, Maher WA, Ohlendorf HM, Presser TS,
ShawDP (Eds). Ecological Assessment of Selenium in the Aquatic Environment: Sum-
mary of a SETAC Pellston Workshop. Pensacola FL (USA): Society of Environmental
Toxicology and Chemistry (SETAC) 2010. ISBN 9781439826775 – (CAT# K11315).
